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Diversity–function relationships
changed in a long-term restoration experiment
JAMES M. DOHERTY,1,3 JOHN C. CALLAWAY,2 AND JOY B. ZEDLER1
1Department of Botany, University of Wisconsin, 430 Lincoln Dr., Madison, Wisconsin 53706 USA
2Department of Environmental Studies, University of San Francisco, 2130 Fulton St., San Francisco, California 94117 USA
Abstract. The central tenet of biodiversity–ecosystem function (BEF) theory, that species
richness increases function, could motivate restoration practitioners to incorporate a greater
number of species into their projects. But it is not yet clear how well BEF theory predicts
outcomes of restoration, because it has been developed through tests involving short-run and
tightly controlled (e.g., weeded) experiments. Thus, we resampled our 1997 BEF experiment in
a restored salt marsh to test for long-term effects of species richness (plantings with 1, 3, and 6
species per 2 3 2 m plot), with multiple ecosystem functions as response variables. Over 11
years, 1- and 6-species assemblages converged on intermediate richness (mean ¼ 3.9 species/
0.25-m2 plot), and composition changed nonrandomly throughout the site. While three species
became rare, the two most productive species became co-dominant. The two dominants
controlled and increased shoot biomass, which appeared to decrease species richness.
Diversity–function relationships became less positive over 11 years and differed signiﬁcantly
with (a) the species-richness metric (planted vs. measured), and (b) the indicator of function
(shoot biomass, height, and canopy layering). The loss of positive relationships between
species richness and function in our restored site began soon after we stopped weeding and
continued with increasing dominance by productive species. Where species-rich plantings are
unlikely to ensure long-term restoration of functions, as in our salt marsh, we recommend dual
efforts to establish (1) dominant species that provide high levels of target functions, and (2)
subordinate species, which might provide additional functions under current or future
conditions.
Key words: BEF theory; biodiversity; competitive exclusion; diversity–productivity; ecosystem function;
long-term restoration; Salicornia virginica; salt marsh; species richness.
INTRODUCTION
In restoration ecology, a widely published conceptual
model shows ecosystem function increasing linearly with
community structure or species diversity (e.g., Bradshaw
1984, 2002). Independently, ecologists (notably, Tilman
1999) showed that biodiversity and ecosystem function
(hereafter, BEF) were positively related, and conﬁrma-
tion by dozens of controlled experiments led to BEF
theory (Hooper et al. 2005, Schmid et al. 2009). In
practice, however, few restorationists have capitalized
on opportunities to manipulate species richness to
increase target functions at substantial spatial and
temporal scales (Naeem 2006, Wagner et al. 2008,
Wright et al. 2009; but see Bullock et al. 2001, 2007).
Without realistic ﬁeld tests, a key question remains
unanswered: Can restoration practitioners increase
levels of target functions by planting more species?
Most BEF experiments have used synthetic commu-
nities, i.e., assemblages of randomly drawn species set up
in controlled or homogenized environments; they have
been weeded regularly and grown for short time periods
(,5 years [Cardinale et al. 2007]). As a result, many
ecologists have questioned the broader applicability of
BEF theory (Wardle 1999, Srivastava and Vellend 2005,
Thompson et al. 2005, Thompson and Starzomski 2007,
Jiang et al. 2009, Wardle and Jonsson 2010). Recent
experiments addressed criticisms by incorporating nat-
ural community structure (Wilsey and Polley 2004,
Zavaleta and Hulvey 2004, Bracken et al. 2008), variable
environmental conditions (Tylianakis et al. 2008,
Romanuk et al. 2009), unweeded plantings (Pﬁsterer et
al. 2004, Roscher et al. 2009), and long time periods
(Tilman et al. 2006, van Ruijven and Berendse 2009).
Still, no one has shown that the species richness of
plantings directly increases long-term functional beneﬁts
in ecologically restored sites (i.e., without weeding and
replanting).
Researchers weed and replant plots in order to
attribute functional outcomes to species richness rather
than the loss or gain of any particular species (Tilman
1999). In grassland experiments, weeding extended the
persistence of positive diversity–productivity relation-
ships to eight or more years (Tilman et al. 2006, van
Ruijven and Berendse 2009), while unweeded counter-
parts lost similar relationships in just two years (Pﬁsterer
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et al. 2004, Roscher et al. 2009). In restored and natural
plant communities, however, species loss and gain are
nonrandom (Grime 1998, Wardle 1999, Pywell et al.
2003), and changes in composition can be more
important to ecosystem function than changes in
richness per se (Hooper and Vitousek 1997, Tilman et
al. 1997, Solan et al. 2004, Zavaleta and Hulvey et al.
2007, Bracken et al. 2008). Recent experiments and
simulations suggest that ecosystem function is little
affected when low-function species are lost nonran-
domly, but it decreases markedly when high-function
species are lost nonrandomly (Smith and Knapp 2003,
Schlapfer et al. 2005, Duffy et al. 2009). As restored
plant communities mature, their BEF relationships
could be affected by trait-based changes in composition
and abundance that are lacking in short-term weeded
experiments.
In long-term ﬁeld experiments, diversity and produc-
tivity could exhibit feedbacks that would complicate
BEF relationships. However, Cardinale et al. (2007)
predicted that BEF relationships would become increas-
ingly positive as interspeciﬁc interactions and comple-
mentarity develop over time. While their prediction was
based on experimental evidence, Guo (2003) used data
on natural plant succession to predict the opposite, that
BEF relationships would shift from positive to neutral
to negative over time. Under Guo’s prediction, compe-
tition and competitive exclusion lead to areas of high
productivity and low diversity as a community matures,
an idea supported by negative BEF relationships (i.e.,
decreasing productivity with increasing richness) ob-
served in natural grasslands (Thompson et al. 2005,
Grace et al. 2007). Such competitive interactions might
be unable to develop in short-term BEF experiments,
especially if weeding moderates competition (Jiang et al.
2009).
In addition, extending BEF theory to restoration
requires that researchers evaluate functions that are
important to the practice. Examples of such functions
include ground cover and canopy height, which are used to
evaluate wildlife support (Palmer and Filoso 2009). Such
‘‘stock-type’’ functions or structural attributes are more
familiar to restorationists and are less costly and less
destructive to sample than productivity, which is the most
commonly measured function in BEF experiments
(Shrivastava and Vellend 2005). Stock-type functions
generally respond more strongly and more positively to
species richness than ‘‘ﬂux-type’’ functions (i.e., processes
[Schmid et al. 2009]), and their responses to species
richness might differ from that of productivity.
Researchers are thus advised to measure multiple func-
tions to characterize ecosystem responses (Hector and
Bagchi 2007, Gamfeldt et al. 2008, Zavaleta et al. 2010).
Strong tests of BEF relationships in restoration sites
would follow multiple stock-type indicators of interest to
practitioners in unweeded ﬁeld experiments for time
periods that allow the vegetation to mature. Our 1997
ﬁeld experiment (plantings of 0, 1, 3, and 6 species) to
restore a tidal marsh in southern California offered such
an opportunity. In natural, relatively undisturbed
Californian saltmarshes, eight species are typically present
with high evenness (Zedler andWest 2008). Plant height is
an indicator of bird use, because the state-endangered
Belding’s Savannah Sparrow (Passerculus sandwichensis
beldingi) perches on the tallest marsh-plain plants to
establish and defend its nesting territory. Canopy layering
is an indicator of camouﬂage and use by arthropods and
small mammals during low tide. Biomass can be a proxy
for multiple functions depending on how it is assessed.
Total shoot biomass indicates late-summer camouﬂage for
resident and migratory birds; green shoot biomass (fresh
leaf material) is an indicator of herbivore food stocks; and
brown shoot biomass (accumulated stem material) is an
indicator of overwinter camouﬂage and also structural
rigidity, another component of the bird-perching function.
During the ﬁrst three growing seasons (1997–2000),
with weeding only through October 1998, species
richness increased eight response variables (shoot
biomass, root biomass, soil nitrogen accumulation,
plant cover, mean canopy height, maximum canopy
height, canopy layering, and resistance to invasion [Keer
and Zedler 2002, Lindig-Cisneros and Zedler 2002,
Callaway et al. 2003]). A parallel greenhouse experiment
(Sullivan et al. 2007) showed similar positive BEF
relationships, and, based on eightfold replication of the
32 assemblages and eight monotypes planted in our ﬁeld
site, we attributed the positive BEF relationships to
selection effects. That is, two highly productive species,
Salicornia virginica (Sv) and Jaumea carnosa (Jc),
dominated assemblages and increased productivity in
high-richness treatments because they were planted there
more frequently (an artifact of experimental design).
These early analyses, along with additional ﬁeld studies
and experimentation (Bonin and Zedler 2008, Varty and
Zedler 2008, Zedler and West 2008; H. N. Morzaria-
Luna and J. B. Zedler, unpublished manuscript) helped us
interpret later changes in structure and function.
Because composition and dominance were clearly
changing over time (Zedler and West 2008), we
anticipated changes in BEF relationships. We hypoth-
esized that (1) relationships between species richness and
indicators of ecosystem function would change in
response to the observed shifts in composition, (2)
productive dominants would lower species richness, (3)
BEF relationships would become less positive over time,
and (4) those relationships would vary with the species
richness metric (planted vs. measured) and the indicator
of function (maximum canopy height, canopy layering,
total shoot biomass, green shoot biomass, and brown
shoot biomass).
MATERIALS AND METHODS
Site description and experimental setup
The Tidal Linkage is a 0.7-ha site in the northern arm of
the Tijuana River National Estuarine Research Reserve
(32.5748N, 117.1268W), hereafter Tijuana Estuary. It has
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a central tidal channel and two adjacent tidal plains, all
excavated from disturbed upland in 1996 to connect a
natural tidal channel to a tidal lagoon. The south tidal
plain was planted to test BEF theory (Keer and Zedler
2002) as follows. In April of 1997, we established 87 23 2
m experimental plots with assemblages of 0, 1 (solos), 3
(trios), or 6 (sextets) native salt marsh plant species drawn
from the eight native species that are common to the
marsh plain of Tijuana Estuary and were known to co-
occur at small spatial scales (often in 0.25-m2 monitoring
quadrats). These treatments are referred to as ‘‘planted
species richness.’’ The eight planted species were: Batis
maritima (Bm), Frankenia salina (Fs), Jaumea carnosa
(Jc), Limonium californicum (Lc), Salicornia bigelovii (Sb),
Suaeda esteroa (Se), Salicornia virginica (syn. Sarcocornia
paciﬁca) (Sv), and Triglochin concinna (Tc). Assemblages
were drawn at random to avoid confounding composition
and species richness (Tilman 1999).
All seedlings were grown from Tijuana Estuary seed
for ﬁve months in greenhouse ﬂats before planting (Keer
and Zedler 2002), and each 2 3 2 m plot was planted
with exactly 90 seedlings to avoid selection effects
arising from differential establishment (Huston 1997).
Because our assemblages were randomly chosen, the
total number or seedlings planted varied slightly from
species to species (low¼ 755, high¼ 885; Fig. 1). Nearly
all seedlings survived (Callaway et al. 2003). Treatments
were replicated within ﬁve experimental blocks along the
south marsh plain (each block had three trios, three
sextets, and all eight solos). The absolute elevation of
each plot was measured in 1997 using a surveyor-grade
auto-level. Composition and planted species richness
were maintained for 18 months after planting by
weeding unplanted recruits and, rarely, by replacing
dead seedlings. Thereafter, recruits were allowed to
establish in all plots. Monanthochloe littoralis (Ml) and
Cuscuta salina (Cs) were not planted but had recruited
by 2002 (Zedler and West 2008).
Sampling ecosystem structure and functions
In October 1997, April 1998, and October 1998, Keer
and Zedler (2002) measured maximum height and
canopy layering (the number of points of contact by a
pin dropped vertically through the canopy) along 1.2-m
transects in the 2 3 2 m plots to characterize the
development of canopy architecture. We used data from
those 1.2-m transects as our ‘‘measured species richness’’
for the 1997–1998 sampling periods. In January 2000,
Callaway et al. (2003) sampled shoot biomass within a
rectangular 0.24-m2 frame by clipping all shoot biomass
to ground level. Shoot biomass was sorted by species,
dried, and weighed. The number of species that
FIG. 1. Frequency of each salt marsh plant species during our 12 years of sampling in the Tiajuana Estuary, southern
California, USA. Abbreviations are as follows: Batis maritima (Bm), Frankenia salina (Fs), Jaumea carnosa (Jc), Limonium
californicum (Lc), Salicornia bigelovii (Sb), Suaeda esteroa (Se), Salicornia virginica (syn. Sarcocornia paciﬁca) (Sv), Triglochin
concinna (Tc), Monanthochloe littoralis (Ml), and Cuscuta salina (Cs). Ml and Cs were not planted but had self-recruited by
December 2002. Data from April 1997 represent planted frequencies within our 45 focal plots; data from October 1997, April 1998,
and October 1998 come from 1.2-m transects sampled within 43 of the focal plots; data from January 2000, September 2008, and
September 2009 data come from 0.25-m2 quadrats sampled within the 45 focal plots; and data from December 2002 and November
2005 come from 0.25-m2 monitoring quadrats sampled at random points within the site (n ¼ 20 and 101, respectively).
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contributed shoot biomass in each plot is our ‘‘measured
species richness’’ for January 2000.
In September 2008, Doherty resampled 15 solos, 15
trios, and 15 sextets of the original 87 plots established at
the Tidal Linkage. In order to obtain balanced data that
included the treatments most relevant to testing our
planted treatments, we sampled a random subset of the
solos, trios, and sextets, leaving out the 15 unplanted plots,
25 solos, one trio, and one sextet. Composition, species
richness, maximum height, canopy layering, and shoot
biomass were sampled within circular 0.25-m2 quadrats
following the methods of Keer and Zedler (2002) and
Callaway et al. (2003). In addition, shoot biomass was
separated into ‘‘green’’ shoot biomass and ‘‘brown’’ shoot
biomass following Onuf and Quammen (1987) and
Pennings and Callaway (1992). In September 2009,
Doherty returned to the same 45 plots and resampled
the 0.25-m2 areas where aboveground biomass had been
removed in September 2008. He sampled composition,
species richness, maximum height, canopy layering, and
aboveground biomass, which was now equivalent to green
biomass, since all accumulated biomass had been clipped
and removed in September 2008.
Analysis
We compared 43 plots sampled by Doherty in
September 2008 and September 2009 to the same plots
sampled by Keer and Zedler (2002) in 1997 and 1998 (15
solos, 14 trios, and 14 sextets) and 45 plots Callaway et
al. (2003) in January 2000 (15 solos, 15 trios, and 15
sextets). The unequal replication in our resample of Keer
and Zedler’s plots occurred because one trio and one
sextet did not coincide with the 45 sampled by Callaway
et al. (2003). Thus, we compare and present data only
from the 43 or 45 plots that were originally sampled by
Keer and Zedler or Callaway et al., respectively.
We calculated several indices related to changes in
community structure, including the Jaccard similarity
index between composition of original plantings vs.
sampled composition in October 1997, April 1998,
October 1998, January 2000, September 2008, and
September 2009. To objectively identify dominant species
we calculated the species dominance index (SDI), an
importance value that includes a species’ mean abun-
dance, tendency to achieve top abundance, and tendency
to suppress other species (developed in Frieswyk et al.
2007); a species with above-average SDI is considered
dominant. We also used the proportional biomass of
individual species ( pi) and measured species richness (S)
to derive: Simpson’s diversity (1/[Rpi
2]), Simpson’s even-
ness (1/[Rpi
2]/S), and Berger-Parker dominance (maxi-
mum pi) for all ﬁve biomass parameters (2000 total shoot
biomass, 2008 total, green, and brown shoot biomass, and
2009 green biomass) on the basis of species’quadrat-scale
pi and on their site-scale pi (i.e., based on cumulative
biomass at each sampling period).
We analyzed all relationships between species richness
(planted or measured) and response variables with linear
regressions using the R statistical package (R
Development Core Team 2008). We also used linear
regressions to assess the inﬂuence of several individual
parameters (planted richness, measured richness,
Simpson’s diversity and evenness, Berger-Parker domi-
nance, elevation, experimental block, and species
planted/unplanted in 1997 (yes or no, for each species))
on biomass parameters that were signiﬁcantly correlated
to planted or measured richness. Supporting trends were
analyzed with t tests, simple linear regressions, and one-
way ANOVAs.
RESULTS
Changes in structure and function
As the site matured, Sb, Se, and Tc became rare, Fs,
Lc, and Bm remained common, and Sv and Jc became
very frequent (Fig. 1). (See Materials and Methods: Site
description and experimental setup for species abbrevia-
tions.) The loss and gain of species shifted composition
and species richness substantially (Table 1), and the
correlation between planted and measured species
richness broke down over time (Fig. 2). Early changes
in composition and richness were driven by coloniza-
tion. The top colonizers (thousands of seedlings in 1997
and 1998 documented by Lindig-Cisneros and Zedler
2002) were Sv (clonal-perennial), Sb (annual), and Se
(short-lived perennial). In January 2000, just 32 months
after planting, three species were the most frequent
(ranking Sv . Sb . Se) and accounted for the most
unplanted biomass (ranking Sb . Sv . Se [Callaway et
al. 2003]). Also, by January 2000, Sv, Sb, and Jc (clonal-
perennial) had become site dominants, according to the
SDI. However, at the same time, species richness at the
quadrat scale was at its maximum (4.5), as were site-
scale levels of Simpson’s evenness (0.48) and diversity
(3.8), and Berger-Parker dominance was at its lowest
(0.44; Table 1).
From January 2000 to September 2008, Sv changed
from 93% to 100% frequency, and its contribution to
community total shoot biomass changed from 44% to
52%. At the same time, Jc changed from 49% to 86%
frequency and its contribution to community total shoot
biomass changed from 21% to 36% (Fig. 3). SDI showed
that Sv and Jc were the only dominant species in
September 2008 and 2009. In contrast, another early
dominant, the annual Sb, was rare in December 2002
and absent in September 2008 and September 2009.
Similarly, the short-lived Se was rare in November 2005
and remained in ,10% of plots thereafter. The one
deciduous species, Tc, dropped in frequency at the same
time, although it may have persisted belowground
during December 2002 and November 2005 surveys
when shoots were absent. Three perennial species, Bm,
Fs, and Lc, maintained moderate frequencies but
contributed far less shoot biomass than Sv and Jc in
January 2000, September 2008, and September 2009
(Fig. 3).
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Indicators of community function also changed over
time. At 12 and 18 months after planting, Sv was the
tallest species and Jc had the highest cover (using data of
Keer and Zedler 2002). Sv was also responsible for the
maximum height in 35% of plots 18 months after
planting (January 2000), and in 91% of plots 11 years
after planting (September 2008). Over time, Jc com-
prised a greater portion of total biomass, mostly as
green biomass, and Sv added mostly brown biomass.
Together, they contributed 63% of total shoot biomass
(42% Sv, 21% Jc) in January 2000. Eight years later, in
September 2008, they contributed 88% of total shoot
biomass (52% Sv, 36% Jc), 87% of green shoot biomass
(53% Sv, 34% Jc), 89% of brown shoot biomass (82% Sv,
7% Jc); and in 2009, they made up 80% of green shoot
biomass (40% Sv, 40% Jc).
With Sv and Jc dominant in September 2008, site-
scale Simpson’s evenness (0.31) and diversity (2.5) were
low (the same for both total and green shoot biomass)
and Berger-Parker dominance was high (0.52 for total
shoot biomass and 0.53 for green shoot biomass). Also,
September 2008 brown biomass, the vast majority of
which was Sv, had minimal Simpson’s evenness (0.29)
and diversity (1.5), and Berger-Parker dominance (0.82)
was maximal. In September 2009, when Sv and Jc made
up 80% of green shoot biomass (and did so equally),
Simpson’s evenness (0.37) and diversity (3.0) increased,
and Berger-Parker dominance decreased (0.40).
Site means of all response variables increased over
time, but on unique trajectories. Maximum height
increased during the second growing season (April
1998 to October 1998), then did not change in 2008 or
2009 (Table 1). Canopy layering also increased signif-
icantly over the second growing season, increased again
by September 2008, but fell slightly by September 2009
(Table 1). Total shoot biomass increased from January
2000 to September 2008, but green shoot biomass
decreased from September 2008 to September 2009
(Table 1).
Changes in BEF relationships
BEF relationships in our site differed with time of
assessment, species richness metric, and the response
variable. Formerly positive BEF relationships showed
no signiﬁcant correlation in our later data, as follows.
Planted and measured species richness increased maxi-
mum height and canopy layering in April 1998 but had
no signiﬁcant effect on either response variable in
FIG. 2. Measured vs. planted species richness (no. species) during our 12 years of sampling. Trend lines are drawn only for
statistically signiﬁcant regressions (P , 0.05) as shown by R2 and P values. For October 1997–October 1998, n¼ 43, and for all
other dates n ¼ 45 focal plots.
TABLE 1. Indicators of structure and function (mean, with SE in parentheses) measured within plots over time.
Indicators of structure
and function Units
Sampling date
Oct 1997 Apr 1998 Oct 1998 Jan 2000 Sep 2008 Sep 2009
Compositional similarity
to April 1997 plantings
(Jaccard, %) 94 (2)a 87 (3)a 94 (2)a 58 (4)b 34 (3)c 35 (3)c
Measured species richness (no. species) 3.0 (0.3)a 3.1 (0.3) 3.1 (0.3)a 4.5 (0.2)b 3.9 (0.2)ab 4.0 (0.3)ab
Planted biomass (as % of all biomass) 84 (4)a 49 (6)b 51 (6)b
Dominant species (sensu
Frieswyk et al. 2007)
Sv, Jc, Sb Sv, Jc Sv, Jc
Maximum height (cm) 20 (1.2)a 19 (1.4)a 38 (2.5)b 37 (1.2)b 33 (1.2)b
Canopy layering (no. hits/pin drop) 1.9 (0.1)a 2.0 (0.1)a 2.7 (0.2)b 5.3 (0.2)c 3.5 (0.2)d
Total shoot biomass (g/0.25 m2) 79 (8)a 210 (10)b
Green shoot biomass (g/0.25 m2) 131 (8)a 77 (5)b
Brown shoot biomass (g/0.25 m2) 79 (7)
Notes: Lowercase letters indicate statistically different means by sampling date (P, 0.05, determined by t test for total and green
shoot biomass, and ANOVA followed by Tukey contrasts for others). For October 1997, April 1998, and October 1998, n¼ 43; for
all others, n ¼ 45. See Fig. 1 for plant species codes.
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September 2008 or September 2009 (Fig. 4A, B), planted
richness increased total shoot biomass in January 2000
but had no signiﬁcant effect in September 2008, and
planted shoot biomass increased green shoot biomass in
September 2008 but not September 2009 (Fig. 5).
Some BEF relationships varied by species richness
metric. Canopy layering in October 1998 ( just after
weeding ceased) increased with measured richness but
not planted richness, total shoot biomass in January
2000 and green shoot biomass in September 2008 both
increased with planted richness but not measured species
richness, and total shoot biomass in September 2008
decreased with measured richness but not planted
richness.
Even related response variables caused some BEF
relationships to differ. In September 2008 planted
species richness increased green shoot biomass but
decreased brown shoot biomass. And in September
2008, while total and brown shoot biomass were both
negatively correlated to measured species richness and
green biomass was positively correlated with planted
richness, all other indicators of function were random in
relation to species richness.
Planted and measured species richness were not the
only factors inﬂuencing shoot biomass parameters in
January 2000 and September 2008 (Table 2). A block
effect inﬂuenced January 2000 total shoot biomass and
September 2008 green biomass, while elevation (vertical
range of ,0.4 m) inﬂuenced September 2008 total shoot
biomass. For 2008 brown shoot biomass, Berger-Parker
dominance was the best single predictor. Simpson’s
evenness at the quadrat scale was not a signiﬁcant
predictor for any biomass parameter, and like measured
species richness, Simpson’s diversity was negatively
correlated with 2008 total shoot biomass and 2008
brown shoot biomass. Planted species richness was
positively correlated with biomass parameters only when
the planting of ‘‘inﬂuential’’ species was positively
correlated with the same parameters (inﬂuential species
being Sv and Se for January 2000 shoot biomass and Sv
and Jc for September 2008 green biomass). Our
regression of the number of inﬂuential species planted
(0, 1, or 2) from the pairs Sv–Se and Sv–Jc on January
2000 total shoot biomass (R2 ¼ 0.22, P ¼ 0.0012) and
September 2008 green shoot biomass (R2 ¼ 0.24, P ¼
0.0007), respectively, showed positive effects of planted
inﬂuential-species richness.
DISCUSSION
Given a wealth of experimental evidence that species-
rich vegetation can increase ecosystem functioning, it is
reasonable for practitioners to ask if the pattern holds in
sites designed to restore both diversity and ecosystem
services, as indicated by Bradshaw (1984, 2002), Naeem
(2006), and Wright et al. (2009). But because nearly half
the experimental tests of richness effects have failed to
identify positive BEF relationships (Schmid et al. 2009),
there is great uncertainty about how function will
FIG. 3. Mean ‘‘total shoot biomass’’ of each species
(calculated as the sum of material collected across the 45
sampled plots divided by the number of plots sampled [45]; total
shoot biomass was equal to green shoot biomass in September
2009) vs. the number of plots occupied by the same species, in
January 2000, September 2008, and September 2009. Signiﬁcant
correlations are indicated with trend lines as shown by R2 and P
values. Data for each regression are from the same 45 plots.
Species codes are as in Fig. 1.
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respond to diverse plantings in the long term and across
a wide variety of restoration sites, many of which are in
highly disturbed landscapes.
Our salt marsh study is unique as a true BEF
experiment that matured as an unmanaged restoration
site, and our results show that effects of planted richness
were outweighed by effects of dominant species in the
long term. In the ﬁrst three growing seasons, increased
salt marsh species richness led to increased maximum
height, canopy layering, total shoot biomass, and ﬁve
other indicators of ecosystem function (as listed
previously [Keer and Zedler 2002, Lindig-Cisneros and
FIG. 4. (A) Maximum height vs. planted and measured species richness during our 12 years of sampling. The maximum height
is the tallest leaf within each plot. (B) Canopy layering vs. planted and measured species richness during our 12 years of sampling.
Canopy layering is the number of hits per pin dropped vertically through the canopy from 0.5 m height. Trend lines are drawn only
for statistically signiﬁcant regressions (P , 0.05) as shown by R2 and P values. Data for each regression come from the same 43
plots.
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Zedler 2002, Callaway et al. 2003]). In just 14 months
without weeding (November 1998 to January 2000), Sv
and Jc became dominants, and they continued to
increase in frequency and abundance in the years that
followed (Bonin and Zedler 2008, Zedler and West
2008). In contrast, three species, each with unique
functional traits, decreased in frequency and abundance.
The only annual, Sb, was a highly productive colonizer
(Lindig-Cisneros and Zedler 2002, Callaway et al. 2003),
Se was short lived and was often the tallest species (Keer
and Zedler 2002), and Tc was the only deciduous species
and a notable sequesterer of soil nitrogen (Sullivan and
Zedler 1999, Sullivan et al. 2007; H. N. Morzaria-Luna
and J. B. Zedler, unpublished manuscript). The concur-
rent increase in Sv and Jc and decrease in Sb, Se, and Tc
homogenized community structure among plots that
were highly differentiated when planted (see Plate 1).
In 2008, our reassessment showed that the positive
BEF relationships between planted species richness and
maximum height, canopy layering, or total shoot
biomass were gone. The BEF relationships we did ﬁnd
were sometimes negative and generally changed in sign
or signiﬁcance according to species richness metric
(planted vs. measured) and function (e.g., brown vs.
green shoot biomass). Our experimental salt marsh
community shifted from artiﬁcially high evenness to
strong dominance, which had the effect of simplifying
canopy structure and increasing shoot biomass to levels
that constrained local diversity.
Dominance effects outweighed diversity effects
Plots within our study site lost and gained species
nonrandomly. They lost the less-productive and short-
lived species (Sb, Se, and Tc) and gained highly
FIG. 5. Shoot biomass (total, green, or brown) vs. both planted and measured species richness during our 12 years of sampling.
Trend lines are drawn only for statistically signiﬁcant regressions (P, 0.05) as shown by R2 and P values. Data for each regression
come from the same 45 plots.
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productive clonal-perennials (Sv and Jc; Fig. 1), which
contributed the bulk of shoot biomass (80%) by
September 2008 and September 2009. Field and
greenhouse monocultures showed that Sv and Jc
produced the most shoot biomass of our eight planted
species (Callaway et al. 2003, Sullivan et al. 2007). Thus,
trait-based changes in composition transformed our
experimental plots from randomly assigned assemblages
to assemblages with productive dominants that were
either tall (Sv) or produced long, trailing shoots (Jc
[Bonin and Zedler 2008]).
Our experiment counters a common criticism of BEF
experiments, namely, that they simulate random species
loss, a process seldom observed in nature (Wardle 1999,
Shrivastava and Vellend 2005, Jiang et al. 2009). Two
BEF experiments that employed realistic experimental
communities showed more positive richness effects with
nonrandom species addition, explained by having a
natural dominant that was low functioning so that
species addition boosted function (Bracken et al. 2008,
Isbell et al. 2008). Likewise, where species with key
functional roles were at high risk of loss, functioning
increased with richness (Zavaleta and Hulvey 2004,
2007, Larsen et al. 2005). In other experiments where
dominant, high-functioning species were unlikely to be
lost, the outcome was different. That is, species loss had
little effect on community processes (Smith and Knapp
2003, Solan et al. 2004, Schlapfer et al. 2005). Thus,
when inherently high levels of a certain function (e.g.,
productivity) make species less susceptible to loss, we
envisage little effect on community levels of that
function when susceptible species are lost (Duffy et al.
2009). In most plant communities, less-productive
species are more likely to be lost (Grime 1998, Wardle
1999, Pywell et al. 2003, Schlapfer et al. 2005). In a
grassland experiment, Smith and Knapp (2003) found
that more-productive species could compensate for the
preferential loss of less-productive species, but compen-
sation did not occur in the reverse scenario. In our salt
marsh experiment, any decrease in productivity from
losing short-lived and less-productive species appeared
to be compensated by increased growth of Sv and Jc.
Based on our parallel greenhouse experiment
(Sullivan et al. 2007), it appears likely that positive
selection effects associated with Sv, and not comple-
mentarity effects, drove early positive BEF relationships
at our site (Keer and Zedler 2002, Callaway et al. 2003).
Plots planted with Sv and with more species-rich
assemblages showed higher levels of total shoot biomass
in January 2000 and green shoot biomass in September
2008, but planting of Sv was more strongly correlated
with both biomass parameters than was planted richness
(Table 2). Planting of other species also increased
biomass parameters. In January 2000, plots planted
with Sv (in 1997) increased total shoot biomass 73%,
and those planted with Se increased it 55%, compared to
plots where those species were not planted. Similarly, in
September 2008, plots planted with Sv increased green
shoot biomass 40%, and plots planted with Jc increased
it 33% compared to plots where those species were not
planted. For the species affecting January 2000 total
shoot biomass (Sv and Se) and September 2008 green
shoot biomass (Sv and Jc), we found that plot biomass
increased with the number of those species planted (0, 1,
or 2). However, as a whole, planted richness had little
effect, and its positive correlation with biomass likely
resulted from the effects of a small subset of species.
We attribute declines in plot-scale species richness and
site-scale evenness to competitive exclusion by Sv and Jc.
Shoot biomass of species was positively correlated with
species’ frequency of occurrence in January 2000,
September 2008, and September 2009 (Fig. 3), a pattern
that is consistent with competitive exclusion (Creed et al.
2009). By 2008 and 2009, plots with high shoot biomass
often had Sv and Jc alone; plots with intermediate shoot
biomass had Sv and Jc plus the fairly productive Fs, Bm,
or Lc; and plots with low shoot biomass had all the
above species plus the smaller and less common Se, Tc,
Ml, or Cs. Sv probably excluded other species by
growing tall through the accumulation of large perennial
stems (brown biomass [Keer and Zedler 2002, Sullivan
TABLE 2. Individual predictors of 2000 total shoot biomass
and 2008 total, green, and brown shoot biomass.
Predictor, by year and
biomass parameter Adjusted R2 P
2000, total shoot biomass
Block 60.41 ,0.0001
Sv planted þ0.15 0.0056
Se planted þ0.09 0.0262
Planted richness þ0.07 0.0455
2008, total shoot biomass
Elevation 0.27 0.0002
Block 60.27 0.0020
Measured richness 0.21 0.0009
Simpson’s diversity 0.19 0.0015
Berger-Parker dominance þ0.11 0.0140
2008, green shoot biomass
Block 60.22 0.0066
Sv planted þ0.15 0.0048
Planted richness þ0.11 0.0154
Jc planted þ0.10 0.0166
2008, brown shoot biomass
Dominance (Berger-Parker’s) þ0.51 ,0.0001
Diversity (Simpson’s) 0.41 ,0.0001
Elevation 0.19 0.0014
Measured richness 0.19 0.0018
Sb planted 0.14 0.0071
Planted richness 0.09 0.0235
Jc planted 0.09 0.0241
Notes: Predictors tested as individual linear predictors for
each biomass parameter include: planted richness, measured
richness, Simpson’s diversity and evenness, Berger-Parker
dominance, elevation, experimental block, and whether or not
each of the original eight species was planted in the plot (e.g., Sv
planted indicates planting of Salicornia virginica). All statisti-
cally signiﬁcant predictors (P , 0.05) are listed in descending
order of adjusted R2 with the direction of their effect (þ or )
and P value. See Fig. 1 legend for plant species codes.
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et al. 2007, Bonin and Zedler et al. 2008]). In September
2008, while Sv contributed the vast majority of brown
biomass (82%) and occupied every plot, plot levels of
brown biomass increased as species’ contributions
became less equal (higher Berger-Parker dominance,
lower Simpson’s diversity). At the same time, high levels
of brown shoot biomass and total shoot biomass likely
decreased measured species richness (Table 2). We
reason that over time competitive dominants Sv and Jc
controlled and increased shoot biomass, decreased
measured species richness, and gave rise to negative
diversity–function relationships.
We are not the ﬁrst to report negative BEF
relationships. Creed et al. (2009) showed that leaf
decomposition in streams was negatively related to
caddisﬂy species richness because a single species was
both functionally and competitively dominant. And in
microbial and algal microcosms, BEF relationships
became less positive over time because high-function,
species-rich communities were the ﬁrst to reach high
density and experience growth limitation (Bell et al.
2005, Weis et al. 2007). Diversity also decreased in a
BEF grassland experiment (Isbell et al. 2009), in restored
grasslands (Sluis 2002, Camill et al. 2004), and in mature
grasslands (Thompson et al. 2005, Grace et al. 2007)
when highly productive species outcompeted neighbors.
Diversity–function relationships were conditional
BEF relationships changed over time in our site. Our
ﬁndings do not support three predictions of Cardinale et
al. (2007) that selection effects would gradually subside,
complementarity effects would increase, and positive
diversity–function relationships would strengthen over
time. Although we conclude that positive diversity–
function relationships were selection driven and ephem-
eral, ours is one of very few long-term BEF ﬁeld
experiments and the only one in a restored salt marsh
(Schmid et al. 2009). BEF experiments conducted in
different systems and with various elements of ecological
realism show different outcomes (Pﬁsterer et al. 2004,
Schlapfer et al. 2005, Zavaleta and Hulvey 2007,
Bracken et al. 2008; e.g., Romanuk 2009). Therefore,
ﬁeld tests of the planted richness effects in many more
restored systems are needed to develop consensus and
inform the practice of restoration.
PLATE 1. (Upper left) Tall shoots of the current dominant Salicornia virginica, (upper right) one of very few species-rich plots
that remain from 1997 plantings, including the rare Suaeda esteroa with whorled leaves, and (lower panel) view of our salt marsh
restoration 12 years after being planting as an experiment. Photo credits: J. M. Doherty.
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Many restored sites will experience disturbances that
cause nonrandom changes in community composition
that can affect BEF relationships. Our restoration site
experienced minor disturbances of wrack deposition and
herbivory as well as episodic ﬂooding, nutrient inﬂuxes
from runoff, and sedimentation. Except for the ﬂood
years of 1997 and 2003, the annual mean discharges of
the Tijuana River were within 1 SD of the grand mean
for the 12-year study (21.03 106 6 24.83 106 m3 [mean
6 SD]). The restored salt marsh responded to high
sedimentation rates (relative to historic levels [Zedler
2010]), much like the adjacent natural salt marsh in the
decades preceding our experiment: Sv and Jc also
became increasingly dominant, and short-lived species
were lost (Zedler and West 2008). Our experimental site
offered a realistic test of BEF relationships speciﬁcally
because it was a part of a dynamic estuary where
increased ﬂooding was altering habitat for endangered
wildlife. The restoration project was undertaken and
funded by state and federal agencies in order to offset
losses of biodiversity and ecosystem functions in the
adjacent salt marsh.
As in the natural marsh, species richness in our
experiment gradually became a consequence of domi-
nance rather than a driver of function. As a result,
measured species richness diverged from planted species
richness. Naturally, sextets lost species, and solos (which
had low shoot biomass early in the experiment
[Callaway et al. 2003]) were preferentially invaded
(Lindig-Cisneros and Zedler 2002). Species richness
converged toward the intermediate planting treatment,
as reported in other unweeded BEF experiments
(Pﬁsterer et al. 2004, Roscher et al. 2009). Because
BEF relationships with measured vs. planted species
richness differed in our data set, we recommend that
researchers report both richness metrics.
Holding the richness metric constant, diversity–
function relationships differed with the indicator of
function. In September 2008, planted species richness
increased green shoot biomass and decreased brown
shoot biomass. We reason that opposing trends were
driven by unique functional contributions of our co-
dominant species. Jc contributed the most green biomass
of any species, and its green biomass alone was
positively correlated with planted richness (R2 ¼ 0.10,
P ¼ 0.0322), whereas Sv contributed the most brown
biomass of any species, and its brown biomass alone was
negatively correlated with planted richness (R2¼ 0.15, P
¼0.0083). These patterns are likely explained by patterns
of early recruitment. Jc typically invaded plots by
vegetative spread, and its presence was still positively
correlated with planted richness in 2000 (R2¼ 0.24, P¼
0.0006), which was not the case for Sv (R2 ¼ 0.02, P ¼
0.3944). Sv spread rapidly by seed, and after just 14
months without weeding it had colonized 21 new plots
and occupied 42 out of 45 plots. The presence of Sv in all
plots and Jc in 39 out of 45 plots by September 2008 and
September 2009, and their high abundance in most
plots, likely account for the homogenous levels of
canopy layering and maximum height observed at those
times. Given the varying BEF relationships across
different indicators of ecosystem function, we emphasize
the importance of assessing multiple indicators (Hector
and Bagchi 2007, Gamfeldt et al. 2008, Zavaleta et al.
2010).
Applications
Planting long lists of species is warranted where high
species richness is likely to increase target ecosystem
functions, e.g., the restored grasslands studied by
Bullock et al. (2001, 2007). As a precautionary measure,
we suggest the same approach where the functional
responses of restoration targets to diversity are not
known (and funding is not limiting). Elsewhere,
however, we recommend a dual strategy, in which
practitioners would aim to restore function and diversity
in different subareas or at different times.
In our California salt marsh, costly species-rich
plantings have not persisted. While nearly all of the
6480 seedlings survived initially, the indicators of
function that we assessed became uncoupled from
species richness over time. And in a nearby 7-ha
restoration site, ;4000 seedlings (of six species) died
during extreme hypersalinity (Zedler et al. 2003), and
most of the 540 replanted seedlings (ﬁve species) died
within two years (O’Brien and Zedler 2006). Hence, we
do not recommend planting all eight species simulta-
neously and in equal abundance across the marsh plain
in future restoration efforts (.100 ha). Similar setbacks
occur in restorations of diverse tallgrass prairies, where
the dominant Andropogon gerardii can exclude many
planted species soon after site establishment (Sluis 2002,
Camill et al. 2004).
In a dual strategy, the main or ﬁrst planting would
focus on target dominant species to accelerate develop-
ment of cover and tall canopies, and the secondary
planting would highlight establishment of a diverse
community of subordinate species. However, target
dominants that occur nearby, are readily dispersed,
and colonize rapidly would not need to be planted. Such
is the case for Sv in our California tidal marsh; we did
not plant it in the 7-ha site, but it was a monotypic
dominant by year 4.
Early dominance could preclude establishment of
subordinates, which might have special requirements for
establishment or special functional traits. Hence, we
recommend setting up a separate subarea or adding a
second, later planting for target subordinates. If a
subarea approach is used, it should be accessible for
management purposes (e.g., weeding, controlled burn-
ing, etc.). If resources are not available to plant all
species even in small areas, we suggest delaying
introduction until suitable microsites become obvious
for particular subordinate species (e.g., canopy gaps for
sun species; canopies for shade tolerators). The dual
approach would (1) establish productive dominants
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across most of the site, and (2) add subordinate species
in smaller patches or at later dates. This approach is
consistent with the precautionary principle, by main-
taining subordinate species that may have functional
traits that are not yet known or might be critical under
future environmental conditions.
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